ABSTRACT: Abundant suspension-feeding bivalves have a dominant organizing role in shallow aquatic systems by filtering overlying waters, affecting biogeochemical processing, and diverting production from the water column to the benthos. In degraded aquatic systems where bivalve populations have been reduced, successful restoration of ecosystem functions may be achieved by targeting the revival of bivalve populations. The 'North Cape' oil spill on the coast of Rhode Island (USA) provides an opportunity to demonstrate the feasibility of scaling bivalve restoration to meet quantitative goals of enhanced production. After this oil spill, mortalities of bivalves were estimated by impact assessment modeling of acute toxicity, and results were confirmed by comparisons with counts of dead and moribund animals on local beaches. Computation of lost bivalve production included future production expected from affected animals, had they lived out their expected life spans. This calculation of production forgone required a demographic model that combined age-specific mortality with individual growth. Application of this modeling approach to surf clams Spisula solidissima, the species that comprised 97% of the total loss of bivalve production from the spill, illustrates the detailed implementation of scaling restoration to match estimates of losses. We consider the factors known to limit abundance and production of surf clams and other marine bivalves (hard clams, American oysters and bay scallops) and review the advantages of hatchery stocking, transplantation, habitat restoration, and reduction of fishing pressure in selecting a reliable and efficient restoration action. Age-specific estimates of the scale of population enhancement required to restore production showed that fewer additional animals were needed when larger (older) animals were added, but at the expense of greater grow-out requirements. Relaxation of fishing was most effective for hard clams. Accurate scaling of restoration was most sensitive to mortality rate, and the most efficient restoration involving seeding of small bivalves would be accomplished using surf clams. Monitoring of the restoration option chosen to compensate for the bivalve loss following the 'North Cape' oil spill can serve to test the underlying demographic assumptions and accuracy of the restoration scaling.
INTRODUCTION
Restoration ecology has focussed mostly on replenishing species that provide physical structure to the habitat, typically the larger plants (Jordan et al. 1987 ).
In the marine environment, this approach explains the overwhelming dominance of restoration projects and studies that are devoted to salt marsh grasses and seagrasses (Thayer 1992) . The restoration of structure has compelling justification in that the function and value of a habitat are usually determined by its structural integrity (e.g. Wilson & Peters 1988) and the defining structure of many marine habitats is provided by the larger plants and reef-building animals. Nevertheless, provision of habitat structure does not necessarily guarantee the return of normal function and the rate of return of function may often lag structural restoration by many years (Zedler 1995 , Fonseca et al. 1996 , 1998 . Consequently, the field of restoration ecology could benefit and grow from greater appreciation of the functional organization of the biological communities within ecosystems and from targeting some restoration efforts directly towards re-establishment of the limited number of functionally significant species that are the strong interactors in the system (Paine 1980) .
Within estuaries and other relatively shallow aquatic ecosystems, suspension-feeding bivalve molluscs can dictate the character of the entire system through their water filtration function (Kremer & Nixon 1978 , Cloern 1982 . The significance of bivalves in clarifying the waters, in driving energy flows from pelagic to benthic food chains, and in promoting growth of light-limited benthic macrophytes, which themselves serve as critical habitat, can be clearly displayed through observing the consequences of unplanned perturbations of bivalve populations. The ecosystem consequences of zebra mussel Dreissena polymorpha invasions in the Great Lakes and the introduction of the Asian clams Potamocorbula amurensis to San Francisco Bay have resulted in dramatic changes in the aquatic ecosystem, consistent with their functional roles as filters (Nichols et al. 1990 , MacIsaac et al. 1999 . Where natural bivalve populations have been reduced (e.g. oysters in the Chesapeake Bay and other estuaries) turbidity of estuarine waters has increased, promoting pelagic jellyfish explosions, and leading to widespread seagrass loss (Newell 1988 , Jackson et al. 2001 ). This ecosystem service of water filtration serves as a topdown grazing control on algal blooms, perhaps the most serious direct symptom of eutrophication, one that leads indirectly to oxygen depletion and mass mortalities of invertebrates and fish. Bivalve filtration also counteracts eutrophication by inducing higher rates of denitrification (Newell et al. 2002) .
In addition to their ecosystem role as biological filters, harvested populations of bivalves are a source of food and recreation for humans. The over-exploitation of abundant estuarine bivalves is in large measure responsible for their decline in estuaries and for recent collapses of estuarine ecosystems (Jackson et al. 2001) . However, because of their economic value, there also is a wealth of information about bivalve population dynamics and technologies developed to sustain and enhance stocks. All of this is useful in restoring depleted populations and here we consider potential opportunities for estuarine restoration through enhancing suspension-feeding bivalves and thus their filtration function in the system. As an example, we use a restoration assessment performed to replace the loss of ecosystem services of surf clams and other bivalve molluscs following the 'North Cape' oil spill in Rhode Island, USA, and develop a quantitative demographic model for growth, survival, and production of surf clams. When coupled with estimates of clam density, the model allows quantitative estimation of surf clam biomass-production lost after the spill. We then illustrate by application of analogous demographic models of bivalve production how a bivalve enhancement project can be quantitatively scaled to compensate for the loss in ecosystem services caused by loss of surf clams and other bivalves after exposure to oil or other pollutants.
MATERIALS AND METHODS
Loss of production by bivalves. After the barge 'North Cape' grounded on the south coast of Rhode Island (USA) during a severe winter storm on 19 January 1996, most of the 2682 metric tons (828 000 gallons or 3130 m 3 ) of No. 2 fuel oil that was spilled became rapidly entrained into the water column by the heavy surf (French McCay 2003) . This mixing process resulted in high concentrations of polynuclear aromatic hydrocarbons (PAHs) throughout the water column, sufficient to induce mass mortality of benthic marine animals suffering from narcosis. The induction of acute toxicity became evident as numerous lobsters Homarus americanus, surf clams Spisula solidissima, blue mussels Mytilus edulis, rock crabs Cancer spp., seastars, ampeliscid amphipods, hard clams Mercenaria mercenaria, and demersal fishes washed up dead or moribund on beaches for several days beginning immediately after the spill (Gibson 1997) . These dead animals had occupied either the sand-bottom or the cobble-boulder habitats in the shallow subtidal shelf contiguous with the beach. Oil was also transported into coastal lagoons (termed salt ponds), where additional losses of benthic invertebrates such as soft-shell clams Mya arenaria, eastern oysters Crassostrea virginica, and bay scallops Argopecten irradians followed (French & Rines 1998) .
Losses of bivalve molluscs were quantified by integrating several studies. Field sampling was conducted on 2 dates after the oil spill to quantify local post-spill abundance of surf clams by size (age) class in and out of the spill-affected zone. Physical fates modeling was used to predict water column PAH concentrations, which were validated with observed PAH concentrations in the water column at multiple locations. Based on known acute toxicity levels for appropriate taxa and estimates of pre-spill abundances, an ecotoxicological impact assessment model was employed to estimate mortalities of species, including surf clams and other bivalves, in the marine and salt pond environments. The estimated surf clam mortality was compared to the estimated number stranded on beaches near the impact site after the spill. We converted the loss of surf clams to an estimated loss of biomass from size frequency distributions of killed clams and the applicable size-weight relationship. Finally, we developed a demographic model of surf clam individual growth and mortality to compute the production forgone because of the additional lifetime growth that would have been expected had those dead animals survived to complete their natural expected life spans. The biomass of the immediate kill and the production forgone were combined to yield the total loss of production caused by the oil spill.
Minimum estimate of surf clam mortality. Sampling of stranded surf clams was conducted daily at low tide from 20 to 22 January 1996 on 6 impacted beaches (Fig. 1) . Two control beaches west (Westerly) and east (Newport) of the impact zone were sampled to quantify purely storm-induced strandings (Gibson 1997) . On each impacted beach, 2 × 200 m-long transects were established parallel to the shore at low tide, from which dispersed sets of randomly placed quadrats were used to quantify densities and size frequency distributions of bivalves. The total area covered by strandings was also estimated on each affected beach. Since logistics precluded sweeping the transects clear of stranded animals, the overall mean density (3.65, SE = 1.08) for the 3 d of sampling, less the mean (0.04, SE = 0.03) for the control beaches, was multiplied by mean width (5.73 m, SE = 0.77) and length (15955 m) of the impacted beach to estimate a minimum number of 330300 surf clams stranded on the shoreline (Gibson 1997) . Although more surf clams came ashore on subsequent days, they were not counted. Gibson (1997) estimated total surf clam strandings at 1.8 million. This estimate does not represent total surf clam mortality because not all clams killed became stranded on the beaches. Specifically, smaller clams were absent from the strandings: no clam < 3.6 cm in length, and few < 7 cm, were observed on the beaches. A 3.6 cm surf clam would be in its second year of life (Weissberger 1998) , meaning that none of the young-of-the-year (YOY; and few 1 yr-olds) were included in the strandings. Thus, the estimated number of surf clams stranded represents the minimum loss of clams >1+ yr of age.
Density of surf clams. Surf clams were sampled in and out of the spill-affected area, providing density data for input to the ecotoxicological impact assessment model and improving estimation of production forgone by providing site-specific growth and survivorship information. In May/June 1997, 17 mo after the oil spill, surf clams were sampled using 2 different sampling devices along 1 transect in the impacted (W) and 1 in the adjacent control area (FW) to the west (Fig. 1) . Each transect contained 5 stations and was oriented perpendicular to shore, extending out to a depth of 10 m, the limit found to be minimally impacted in the ecotoxicological model. One sampler was an 8.4 cm diameter core sieved through a 2 mm mesh; the other was a suction dredge that passed contents of a 1 m 2 199 Fig. 1 . Transect locations on the south coast of Rhode Island (USA) for sampling surf clams Spisula solidissima: (1) stranded on beaches (triangles), conducted daily at low tide 20 to 22 January 1996; and (2) densities in subtidal sediments (circles), taken by core and dredge in May/June 1997 and December 1997 to February 1998. The 'North Cape' grounding site is indicated by the star. The impact zone extended along the shore to 10 m deep water (i.e. at the outer station of each W transect) from Point Judith to the Charlestown Breachway. W: impacted sites; FW: adjacent control areas sample frame through a mesh bag with 4 × 6 mm openings. These 2 sampling devices produce largely complementary information, in that the dredge sample did not fully retain YOY clams, whereas the core could not capture larger clams approaching the diameter of the tube. At each station, 30 core and 15 dredge samples were randomly placed and collected clams were counted and measured (shell length; Tables 1 & 2) . Surf clams were sampled a second time from December 1997 to February 1998, 24 mo after the spill, using only the dredge sampler at 3 original stations and 30 new stations (Fig. 1, Table 2 ). Because the dredge sampler missed the smallest YOY clams, we used a correction factor for that undercounting to render the December 1997 to February 1998 density estimates for YOY comparable with previous densities estimated by coring. In the May/June 1997 samplings along the FW transect, the ratio of YOY density in cores (Table 1) to that in dredge samples (Table 2) was 17.0 (SD = 14.7). For the period of December 1997 to February 1998, YOY density was estimated as 17.0× the measured dredge-sample density (in Table 2 ) to correct for the under-sampling of those size clams. Clams were found in fine to course sand, but not at locations where granules or rock boulders were present.
Surf clam recruitment response after the oil spill. The surf clam samples provide some insight into the likely loss of clams from the oil spill and into the population dynamics of surf clams. Dredge sampling 17 mo after the spill uncovered no surf clams large enough to have been present before the spill (> 3.6 cm length) in the impact area and only 1 clam (15.1 cm long) in the control area (Table 2) . Thus, this information is consistent with the assumption of mass mortality of surf clams in the spill area (1 to 40% mortality was computed by and applied in the biological effects model, French McCay 2003) . Nevertheless, the similarly low density of older surf clams in the presumptive control area to the west raises questions. The core sampling in ), but not granular (>1 mm) sediments (Table 1 ). This size class presumably reflects animals of ca. 1 yr of age (Weissberger 1998) . Consequently, these clams had settled in the first summer (1996) after the oil spill. Based on dredge sampling for both sampling periods, and the correction factor 17.0 for under-sampling, the YOY (Year Class 0) clams exhibited a mean density of 6. ) in the impact zone ( Table 2 ). The far higher recruitment in the spill area could be explained as a consequence of: (1) greater survival after settlement where predators like sea stars, moon snails, and rock crabs had been decimated by the spill; (2) a serendipitous consequence of patchiness in recruitment and the lack of replication of transects in this study; or (3) evidence of a geographic cline in settlement rate from highs near the point of land at the east where grounding occurred to lows toward the west where the control area was located. We used surf clam density data from the control area to estimate pre-spill densities in estimation of mortality. To the degree that clam recruitment to this western area is systematically lower than to the spill area, this decision resulted in conservative estimates of surf clam losses.
Survivorship of young clams. Subsequent sampling from December 1997 to February 1998 (ca. 2 yr postspill) provided further insight into the surf clam demography in this area of the Rhode Island coast. Dredge samples contained the previously detected cohort of now 1.5 yr-old clams (2.5 to 7.5 cm in length with a mean of 5.6 cm) plus a new cohort of presumably 0.5 yr-old recruits (< 2.5 cm). By comparing densities only in re-sampled stations in the control area of almost 1 yr-olds in May/June 1997 to 1.5 yr-olds from December 1997 to February 1998 (Table 2) , we computed a 7-mon survival rate of 6.3 %, which translates to an annual rate of 0.88 %. We rounded that value up for our subsequent demographic modeling and assumed a 1% annual survival rate for surf clams from Age 0.5 to 1.5, or 10% per half year in this period (Table 3 ). The sampling data provided a separate confirmation of this early life-stage mortality rate. Multiplying by the correction factor (17) to adjust for undercounting of YOY clams in dredge samples at the 3 control area stations that were re-sampled from December 1997 to February 1998 yielded an estimated YOY (0.5 yr-old) density of 2.72 m -2 (Table 3) . Application of a 1% annual survival rate would yield an expected 1.5 yr-old density in this cohort of 0.027 m -2 . The actual density of 1.5 yr-olds in the December 1997 to February 1998 sampling was 0.04 m -2 . ) of surf clams Spisula solidissima along impacted (W) and control (FW) transects (see Fig. 1 Numbers of clams by age class at the time of the spill. We used results of post-spill sampling (Tables 1 & 2) and our age-specific mortality schedule (see 'Survival' below) to estimate, by size and age class, the densities of surf clams present at the time of the 'North Cape' oil spill. To form our best estimate of densities of surf clams in each age (size) class, we used only the YOY data for each sample year from the control (presumably unaffected) site west of the spill area, computed numbers for older clams using a survivorship schedule based on mortality rates taken from the literature (see below), and averaged the 2 yr of data. From the May/ June 1997 sampling, we chose the mean abundance of YOY clams from the core sampling (Table 1 ) and projected that backwards in time by 0.5 yr to provide one estimate of YOY clam abundance for the date of the spill. Across all the control core samples, YOY density averaged 12 m -2 , which after application of a half-year survivorship of 10% represents survivors expected from 120 0.5 yr-olds in January 1996 (Table 3) . Based on this YOY abundance and estimated survivorship rates, the control area contained an estimated 5.52 older clams m -2 , with the size distribution shown in Table 3 . Similarly, the observed density of 0.5 yr-old clams sampled in the control area from December 1997 to February 1998 was 2.72 m -2 (corrected for dredge sampler error as explained above). Assuming the survivorship schedule and stable age distribution in Table 3 , the density of older clams during this second period was 0.13 m -2
. To derive our estimate of surf clam densities by age (size) class at the time of the spill (January 1996), we averaged across these 2 yr the densities in each age class, weighting by sampling effort (Table 3 ). This weighting had the effect of undervaluing the clams that settled in the year just after the oil spill, perhaps appropriate if residual negative effects of the spill persisted.
The resulting average densities computed from the site-specific sampling data (Table 3) (Table 3) . Abundance of older clams (> 3.6 cm) was similar to Olsen's (1970) observed mean of 1.8 m -2 for that same size class in nearby Rhode Island waters. Franz (1976) observed 25 to 125 YOY m -2 in August on the south coast of eastern Long Island, ca. 50 km from the spill site, with the greater numbers farther to the west toward the Rhode Island coast.
Ecotoxicological impact assessment modeling. Mortality of surf clams and other bivalves was estimated by application of ecotoxicological impact assessment modeling (French & Rines 1998 , French McCay 2002 (0) 2003), which involved coupling a temporal physical fates model of transport and degradation of PAHs with a biological effects model to predict acute toxic mortality for different taxa. Field sampling of PAH concentrations in the water column was conducted to validate the model's time-dependent predictions of exposure. Side-scan sonar was used to map the areas of softbottom (which is all fine-to-coarse sand) and rocky reef habitats in the spill-affected area, which allowed modeling to be stratified by location and amount of habitat (French McCay 2003) . Published information on variation in acute mortality with exposure (French McCay 2002) was then applied together with available information on natural pre-spill densities and size distributions to predict total loss of abundance and biomass for key taxa (French & Rines 1998 , French McCay 2003 . Exposure concentrations of PAHs in bottom water were validated and the biological effects model originally validated for lobsters (French McCay 2003) was applied to bivalves offshore from the beach (French McCay 2003) and in salt ponds (French & Rines 1998) because bivalves and juvenile lobsters suffer similar toxic effects by narcosis (French McCay 2002) . Computation of initial loss of biomass from acute mortality required estimates of prespill abundance, size distribution, and size-biomass relationships for each bivalve, while subsequent computation of production forgone required estimates of expected growth and mortality rates (French McCay 2003) . The modeling for the salt ponds included a separate but linked model of temporal change in PAH concentrations (Hinga 1997) in which source PAH concentrations were provided by the ocean model (French McCay 2003) and the rate of decline of concentrations were fitted to pond observations (Hinga 1997) . Then exposure and mortality of bivalves was estimated from application of the same biological effects model used for the ocean to salt-pond abundance estimates derived from literature reviews (French & Rines 1998 , French McCay 2003 .
Results of this ecotoxicological impact assessment modeling exercise (Table 4 ) demonstrated that surf clams comprised the vast majority (ca. 88% by number and 96% as biomass) of the bivalves killed after the 'North Cape' oil spill. Contributions from other species (blue mussels, hard clams, softshell clams, oysters, and bay scallops)were all relatively small. When the estimated surf clam density (Table 3) was entered into the biological effects model, the total number of older (>1 yr) dead surf clams predicted by the ecotoxicological impact assessment was 2.6 million (Table 4) , which is larger than Gibson's (1997) computed value of 1.8 million stranded surf clams. Not all dead surf clams would be stranded on the beaches, so the larger number of dead predicted by the model is reasonable. The model predicted a total loss (all ages) of 150 million surf clams, representing a biomass of 193 000 kg (Table 4 ). All other bivalves added only another 8000 kg of additional biomass losses at the time of the spill.
Demographic modeling to compute production forgone. Estimates of age-specific growth, the relationship of clam size to biomass, age-specific mortality schedule, and the numbers of clams killed in each age class were required to estimate production forgone. For most of the individual and population demographic parameters, a synthesis of available literature provided 202 Table 3 . Spisula solidissima. Age-specific growth and mortality of surf clams used to develop predictions of abundances prior to the 'North Cape' oil spill in Rhode Island. Projections are made for the half-year to match the season (winter) of the oil spill. Length-weight relationships were from Weinberg & Hesler (1996) . Survival rates were taken from a literature review and cohort analysis (see 'Survival' in text). The first column of density estimates is based upon core sampling data of 1 yr-old clams taken in May/June 1997, and the second column on dredge sampling data of 0.5 yr-old clams taken in December 1997 to February 1998. Actual observations are presented in bold while others are projected by applying the age-specific survivorship schedule. The final column is the effort-weighted mean of the first 2 estimates.YOY: young-of-the-year (0.5 yr-old at time of spill) appropriate values, while others were from analysis of samples collected in the spill area (Tables 1 & 2) . Estimation of the numbers killed by age (size) class came from application of the biological effects ecotoxicology model (French McCay 2003) after estimation of the numbers of clams in each age (size) class present at the time of the oil spill (Table 3) . Growth. We chose to describe length as a function of age by using the traditional von Bertalanffy growth curve (Ricker 1975) :
where L t is shell length (cm) at age t (yr), L ∞ is the asymptotic maximum length, K is the Brody growth coefficient, and t 0 is a constant. Based on Weinberg & Hesler (1996) , we used the following values for surf clams: L ∞ = 15.99 cm, K = 0.232, and t 0 = -0.099. However, insertion of these parameter values indicates a length of 3.6 cm at t = 1 yr. Based on Weissberger (1998), 3.6 cm clams would be well into their second year of life, and we assumed that age t represents a nominal age (actual age in years minus 0.5) in our application of the von Bertalanffy growth curve. This calibration also had the advantage of assessing abundances at mid winter (the half birthdays), coinciding with when the spill occurred. Conversion of shell length to weight was achieved by applying the following equation with parameters from Fay et al. (1983) :
where W t is wet meat weight at age t (yr) and a and b are constants (a = 0.0001304 and b = 2.578, for surf clam length in cm and weight in kg, Table 3 ). Survival. To describe age-specific survival, we adopted the basic exponential fisheries population dynamics model of Ricker (1975) . For surf clams of legally harvestable size, the number at age t (yr), N t , is a function of the number of new recruits to the fishery at age t r years. For t > t r :
where Z A is annual instantaneous total mortality (assumed constant for ages t > t r ), M is annual instantaneous natural mortality, F is annual instantaneous fishing mortality, and R is the number of individuals in this cohort that first recruited to the fishable population (i.e. R = number at age t r yr). For t ≤ t r :
where Z t is the age-specific annual instantaneous natural mortality rate. The annual survival rate for age t (S t ) is thus:
We estimated rates of age-specific mortality of Rhode Island surf clams using information from several sources. Grosselin & Qian (1997) analyzed the early survival of newly settled clams and determined that only about 1% of the new settlers would still be alive by winter. Thus, we assumed survival of surf clams from age 0 to 0.5 yr to be 1%. Based on analysis of sampling data for surf clams at the spill site and detailed above, an annual survival rate of 1%, or 10% per 0.5 yr, is assumed to apply from 0.5 to 1.5 yr (Table 3 ). Instantaneous mortality rates of harvestablesized surf clams (>12.1 cm or > 6 yr old ) in southern New England have been estimated by NMFS (1995) to be M = 0.05 and F = 0.1, giving a total mortality rate Z = 0.15. Estimated mortality rates for smaller clams are higher, but empirical data are not readily available. Clams reach a size refuge from predation at 5 cm in length (MacKenzie et al. 1985) , or ca. 2 yr of age. Thus, 203 Table 4 . Summary of estimates of bivalve losses resulting from the 'North Cape' oil spill. Losses are based upon application of ecotoxicological impact assessment modeling: marine (French McCay et al 2003) and salt pond (French & Rines 1998) . Production forgone is the expected summed somatic growth in the absence of the spill. Total loss is biomass killed plus production forgone, with future losses discounted at 3% annually. YOY: young-of-the-year (0.5 yr-old at time of spill) we assumed that mortality rates for 2.5 to 5.5 yr olds are M = 0.1 (twice the rate of larger clams), with F = 0 (no fishing). For surf clams from 1.5 to 2.5 yr old (3.6 to 6.2 cm length), we chose an annual survivorship of 50%, halfway between that of younger and older age classes (Table 3) . Computation of production forgone. In addition to the estimated direct kill of 148 million YOY plus 2.6 million older clams, weighing (without shells) a total of 192 500 kg (Table 4) , the total production loss must also include production forgone, which is the somatic growth those clams would be expected to have achieved over their remaining natural lifespan. The equations used to calculate the expected remaining lifetime production (P L ) are:
where N i,y is the number of Age Class i expected to have remained alive at the beginning of year y after the spill, S i +y is the expected portion of Age Class i surviving from Age i +y to i +y +1, W i +y is the weight per individual for Age Class i at y years after the spill, M i +y is instantaneous annual natural mortality rate, F i +y is instantaneous annual fishing mortality rate (both for Age i +y), and d is the discount rate (d = 0.03: NOAA 1997). Before the age of recruitment, fishing mortality is 0. The discount factor, 1/(1 + d) y , decreases the value of the production by 3% for each year that passes before that production would have been realized. This follows the economic model that losses, or gains of restoration, in the future are less valued than present production. Including identical discounting on both the injury and restoration sides of the equation allows time lags in both losses and benefits to be appropriately treated so as to measure values lost and gained fixed to a common year.
RESULTS

Injury
The total loss of surf clam production from the 'North Cape' oil spill was 364 000 kg (192 500 kg killed directly and 171 500 kg in production foregone). Injuries to all bivalves in the marine environment and the salt ponds were computed in an identical fashion (French & Rines 1998 , French McCay 2003 and are summarized in Table 4 . Although these projections of injuries for other bivalve species did not have benefit of site-specific sampling data, the dominance of the surf clam loss means that the total loss of bivalve production is not greatly biased by errors in estimating pre-spill densities of rare species. The total loss of bivalve production caused by the 'North Cape' oil spill was thereby estimated to be 379 000 kg (Table 4) . This represents the injury that restoration should be scaled to replace.
Scale of compensatory restoration
The quantitative benefits of restoration, whether it be via hatchery stocking, transplantation, reduction of fishing, or habitat restoration, can be estimated by the net bivalve production that is added to the ecosystem. Use of this metric to establish the scale of the restoration project required to compensate for the loss must use the same currency (bivalve production discounted to a common year) that was used to quantify the loss. Secondary production represents one fundamental ecosystem process, so using this as a proxy for all ecosystem services has some justification. Furthermore, production of suspension-feeding bivalves correlates with their important filtration and biochemical processing functions. Other important ecosystem functions of bivalves may not be well measured by production alone. For example, the size structure of the lost animals is not necessarily reproduced in a restoration that matches the loss using production as the sole criterion. Smaller individuals provide an ecosystem service of feeding demersal predators, especially crabs, whereas older bivalves find substantial refuge from predation (e.g. Kennedy et al. 1996 , Kraeuter 2001 . Thus biasing the restoration action by using larger bivalves could add stability to the population dynamics by serving as a long-lasting spawning sanctuary and would provide similar filtration on phytoplankton but at the expense of failing to pass the energy produced up the food chain.
The process of estimating gains in production from any of the potential restoration approaches involves use of the same computations developed to estimate production forgone. In this case, we apply the identical equations derived above to project demographics and individual growth into the future, not to quantify production that would have occurred absent losses but instead to predict production that will occur through augmentation of abundance of one or more age (size) classes. Again analogous to the method for quantifying loss of production, we add the biomass of any individuals added to start the restoration to the discounted future production expected before they die to compute the total net enhancement of production. Using the identical method for estimating both the loss and gain is appropriate to insure that the scaling of restoration matches, and thus compensates for, the magnitude of the injury.
The choice of species to use in the bivalve restoration does not affect the method of estimation of quantitative gain in production, just the parameter values used in the projection. Many considerations enter into this choice, including reliability of the technology for each species, availability of a source (for stocking or seed production), cost effectiveness, and the distribution of losses among species. Assuming that all suspension-feeding bivalves are equivalent and interchangeable in restoring losses may compensate for lost production, filtration, and biogeochemical processing but does not necessarily replace those functions in the same habitat (here coastal ocean vs. salt pond). In addition, not all bivalves are of equal value to the ecosystem or to humans in fisheries. We scaled the restoration required for several alternative choices of bivalve species and size class within species (Table 5) . We considered the American oyster Crassostrea virginica, bay scallop Argopecten irradians, hard clam Mercenaria mercenaria, and soft-shell clam Mya arenaria, as well as the surf clam Spisula solidissima. The same demographic model described above was used for each species, but different specific life-history parameters were used (Tables 5 & 6 ). For hard clams and oysters, we also made these scaling projections with and without fishing pressure to quantify the contributions of establishing fishing sanctuaries. Each alternative was scaled to compensate for the loss of 379 000 kg of bivalves, providing the numbers of individuals initially required to seed, transplant, protect from the fishery, or produce by habitat restoration. Each of the life-history parameters is estimated with uncertainty and a thorough analysis of benefits of restoration could include a formal uncertainty analysis to aid in choosing the most appropriate restoration option. We do not do so here because we use these results merely to illustrate general patterns. For oysters, we employ several different natural mortality rates (Table 5 ) because our estimates of their demographic rates are the most uncertain, fluctuating with disease incidence and severity.
The results of these computations to scale restoration options reveal several patterns. First, the larger the individuals added through seeding (or stocking, protecting, etc.), the fewer are needed. This outcome is illustrated best by hard clam results, where numerous starting sizes were modeled (Table 5 ). The numbers required do not decrease linearly with size but instead show a sharp early increase and then a far slower change for larger, older clams which experience lower natural mortality rates (e.g. Peterson et al. 1995) . If the animals are from a hatchery, the costs of rearing seed to larger size are far higher, so cost efficiency would require survivorship gains to be balanced against increased costs to choose the optimal size to add. Second, for hard clams, protection from fishing can enhance the expected benefits of the restoration more than for any other species modeled (Table 5 ). This result follows from the longer natural life span of this species, which allows for greater expected growth in the future. Third, the calculations reveal that future production of oysters is highly sensitive to mortality rate. For oysters subject to fishing pressure, the number of seed oysters required to provide 179 000 kg of production increased from 29 to 122 million as M was increased from 0.223 to 0.50 yr -1 (Table 5) . Fourth, if seeding is restricted to relatively small (and less expensive) individuals (e.g. < 3.3 cm in length), the most efficient restoration can come from choosing surf clams, requiring only 5.3 million as compared to 16 to 75 million hard clams, 25 to 122 million oysters, 32 million bay scallops, and 26 to 218 million soft-shell clams (Table 5) .
DISCUSSION
Accomplishment of the compensatory net gain in bivalve production requires that the restored species is limited by factors addressed by the restoration actions and that restoration is successful. These issues, along with practical matters concerning logistics, were considered in developing the restoration plan for providing the required compensation for the effects of the oil spill considered here as an example. In the following sections, we briefly discuss what is known about limitations to bivalve production and the effectiveness of the 4 specific restoration approaches that were considered.
Limitation of bivalve population size and production
Because of their commercial value, there is a substantial body of scientific information on such species as surf clams Spisula solidissima, hard clams Mercenaria mercenaria, American oysters Crassostrea virginica, and bay scallops Argopecten irradians. They are appealing candidates for restoration because of their general historical decline in abundance in the southern New England region, their value as natural biological filters of over-fertilized and eutrophied systems, their human use value for exploitation, and their ecological importance as prey for marine predators like crabs and bottom fishes. While surf clams experienced the greatest loss in production from the 'North Cape' oil spill, enhancement of these ecologically similar species was considered because they provide analogous filtration services and other functions within the ecosystem. Spisula solidissima. Although surf clams are targeted in commercial fisheries, less is known about factors that control their abundance and productivity compared with other exploited bivalve species. Its habitat along the high-energy ocean beaches limits access of researchers and challenges ecologists to define the scales of important population processes.
Surf clams have planktotrophic pelagic larvae that are transported as part of the plankton for about 2 wk before settlement begins (Fay et al. 1983) . Thus, it is likely that physical flow regimes could limit the abundance of successful settlers and they almost certainly help dictate the patchy spatial patterns of settlement (Olsen 1970 , Franz 1976 ). There is also potential for 206 Table 5 . Numbers of additional individuals required to compensate quantitatively for production lost (379 267 kg) from the oil spill. Results are derived from application of the age-specific survivorship and growth models (see 'Survival' in text). Computations vary bivalve species, size class added, fishing pressure, and (for oysters) mortality rate. M is instantaneous exponential rate of natural mortality, F is instantaneous exponential rate of fishing mortality (French et al. 1996) . Mortality rate from Age 0 to 1 yr is assumed to be 10% (Grosslein & Qian 1997) . Length at age and length-weight parameters (L,W ) are from: (1) Weinberg & Hesler (1996) and Fay et al. (1983) ; (2) French et al. (1996) ; and (3) recruitment limitation at low adult densities, but no evidence is available to test this hypothesis. However, the high abundance of settlers that appeared in the impact zone after the 'North Cape' spill suggests that recruitment may not be limiting in that locality.
Like other benthic bivalves settling into soft sediments (Grosselin & Qian 1997) , surf clams suffer very high losses to predators until they reach a length of about 5 cm, which does not occur until around Age 2 yr (MacKenzie et al. 1985) . The predators that are most important in controlling survival and thus production of surf clams are naticid gastropods and various crabs (Weissberger 1998) . Demersal fishes may have important effects in reducing abundance of juvenile surf clams in some situations, whereas flounders act to limit growth rates by nipping siphons of larger clams, forcing them use energy for regeneration. High local Spisula density also acts to reduce growth rate, presumably by grazing down food concentrations in the benthic boundary layers (Weinberg & Hesler 1996) . Fishing mortality (F ) begins at ca. Age 6 yr and is estimated to be ≤ 0.1 (NMFS 1995, Table 5 ), not as intense as some other fisheries. Thus, the intense predation on juvenile clams up to ca. Age 2 yr appears to represent the strongest control on surf clam abundance and production. This suggests that stocking with small clams (Table 5) would increase surf clam production. Protection from predation might also increase clam production, but at a loss to the food web.
Mercenaria mercenaria. The hard clam is the most similar of the candidate bivalve species considered for restoration in the 'North Cape' case to the surf clam, which made up the bulk of the losses, and so was evaluated in some detail. A recent book (Kraeuter & Castagna 2001 ) synthesizes knowledge of hard clam biology, including factors that limit abundance and production. Gamete production in hard clams increases with size, as in most free-spawning marine invertebrates (Peterson 1986a ). Because of their high fecundity, most managers of hard clam fisheries assume no spawner-recruit relationship and so even a small number of spawning adults will be sufficient to provide adequate numbers of larvae to sustain the next generation (e.g. Hancock 1973 ). However, in North Carolina declining recruitment as a result of reduced spawning stock biomass caused by fishery exploitation implies that hard clams may become recruitment limited when adult spawners fall below some critical biomass (Peterson 2002) . Little is known about the control of larval survival and success in hard clams, but the North Carolina case suggests that if densitydependent mortality exists, it is not strong enough to overcome a reduction of around 50% in spawning stock biomass.
At the time of settlement to bottom sediments, hard clams are susceptible to predation by infaunal predators like flat worms (Watzin 1983) , small crustaceans like snapping shrimp (Beal 1983), suspension feeders that filter them from the water column, and depositfeeding invertebrates (Hunt et al. 1987) . At natural densities, adult and juvenile hard clams do not effectively limit the success of settlement in their local vicinity through filtration (Peterson 2002) . Predation rates are high after settlement up to a length of ca. 2.5 cm, where blue crabs, a major predator, begin to experience lowered efficiency in crushing the shell (Arnold 1984 , Peterson 1990 , Kraeuter 2001 . As larger individuals, hard clams continue to have enemies but predation by whelks (Peterson 1982) , stone crabs, and rays (Kraeuter 2001) does not lower overall abundance except in certain habitats and under special conditions. Fishing exploitation is intense on natural populations of hard clams and clearly represents an important control on abundance (Peterson 2002) and population structure (Rice et al. 1989) . Bottom habitat causes very important indirect control of hard clam abundance, operating both on the hydrodynamics of the settlement process and, even more importantly, on risk of predation after settlement. Emergent vegetation in seagrass beds slows currents and induces deposition of suspended particles, including invertebrate larvae (Peterson et al. 1984) . After settlement, the seagrass root system provides some structural refuge from burrowing and digging predators, thereby further enhancing hard clam abundance (Peterson 1982 , 1986b , Wilson 1990 ). Conse-207 Table 6 . Bivalve growth parameters used in restoration model calculations. Length at age and length (cm) versus weight (g) parameters (L,W ) are from: (1) French et al. (1996) ; and (2) Rice et al. (1989) . L ∞ : asymptotic maximum length; K: Brody growth coefficient; t 0 : constant (see 'Growth' in text) quently, the extent of seagrass habitat limits the abundance of hard clams indirectly. Even more effective than seagrass as a barrier to predation by the hard clam's most significant enemy, the blue crab, is shell bottom habitat provided by oysters (Castagna & Kraeuter 1985 , Peterson et al. 1995 and other mollusc species. Declines in oyster reefs and oyster shell habitats (Rothschild et al. 1994 , Lenihan & Peterson 1998 have been even greater than the declines in seagrass habitat (Orth & Moore 1983) over the past century. Consequently, hard clam populations are almost certainly reduced regionally because of this loss in an important refuge from intense predation. However, in Narragansett Bay, Crepidula fornicata covers large areas forming a shell bottom (French et al. 1991) , which may in part mitigate the losses of seagrass and oyster reefs and explain the greater abundance of hard clams in that estuary as compared to other New England waters.
Thus, as for surf clams, stocking (or other action to increase abundance) of small hard clams (Table 5) would increase production. Protection from predation, perhaps by habitat restoration, might also increase clam production, but potential loss to the food web should be considered as clams also provide this ecological service.
Crassostrea virginica. The American oyster is sufficiently important to have stimulated a huge body of research, including a recent book (Kennedy et al. 1996) that synthesizes the present scientific knowledge of oyster biology. Populations of American oysters are grossly depleted throughout the Atlantic estuaries of North America (Rothschild et al 1994 , Lenihan & Peterson 1998 , even to the point of functional extinction in most estuaries north of Delaware Bay. Production of sufficient numbers of gametes limits oyster settlement where adult spawning stock biomass is low, such as in lower-salinity waters of the Chesapeake Bay where reconstructed oyster reef habitat fails to receive repeatable settlement. In Southern New England embayments, oyster populations are almost surely recruitment limited as well, given the low size of the oyster populations. Because of the habitat-destroying fishing practice of oyster dredging, which removes the shell reef along with living oysters, habitat for oysters is also limiting (Rothschild et al. 1994) . Even the reefs that remain are degraded by reduction of their height, which reduces oyster growth rates and exposes them to catastrophic mortality during hypoxic events (Lenihan & Peterson 1998) . Such hypoxic events are enhanced by eutrophication, meaning that reef habitat degradation and eutrophication interact to help limit oyster abundance and production in deeper areas of stratified estuaries (Lenihan & Peterson 1998) . As juveniles, oysters fall prey to blue crabs and to drilling gastropods. Oyster drills can eliminate oyster sets in highsalinity waters and restrict adults to locations higher in the estuary. Two introduced protozoan parasites, Dermo and MSX (Haplosporidium nelsoni), now also kill American oysters before they reach their second birthday, thereby limiting abundance and production of the oysters. Oysters that do find suitable reef habitat and survive the parasites are typically harvested by fishermen. Thus, there are many opportunities for restoration to increase oyster abundance and production that might be used to compensate a spill-induced injury or other loss.
Argopecten irradians. Since the bay scallop is essentially an annual, living for only ca. 18 mo (Belding 1910 , Gutsell 1930 , abundancetypically fluctuates dramatically from year to year because of the absence of multiple older age classes to stabilize interannual fluctuations. The high interannual variation in recruitment of bay scallops implies that reproductive success acts as a major limitation to bay scallop abundance. If adult spawning stock biomass falls below a threshold level within a hydrographically isolated water basin, bay scallop recruitment will be reduced or fail (Peterson & Summerson 1992 , Peterson et al. 1996 . Even at densities higher than this presumed threshold, variation in settlement success probably explains much of the temporal variation in annual cohorts of bay scallops.
Bay scallop larvae must encounter suitable habitat for metamorphosis and settlement, which involves attachment to structures such seagrass (Thayer & Stuart 1974) or cobbles in some New England estuaries (Belding 1910) . Consequently, while settlement habitat almost certainly helps control bay scallop abundance and thereby production, the habitat limitation in New England bays is probably less strong than in the southern lagoons. However, predation on juvenile bay scallops by crabs and demersal fishes is intense enough to exert a strong control on abundance, with seagrass providing a vital service in elevating juvenile scallops up above the seafloor where crabs forage more readily (Pohle et al. 1991) . Thus, seagrass restoration would likely benefit bay scallops where recruitment is sufficient.
At all life stages bay scallops are sensitive to physiological stressors like low salinity, sedimentation, and temperature extremes (e.g. Tettelbach et al. 1985) . Even as adults, bay scallop densities are reduced by predators such as gulls (Prescott 1990 ) and rays (Peterson et al. 2001) . Fishing is prosecuted on bay scallops throughout their range of high abundance. Because the year class of bay scallops that is fished has already spawned in late summer and is fated to die from senescence before another late summer spawning, fishing pressure is allowed to be extremely high (Peterson 1990) . Consequently, the bay scallop possesses not one but several factors that act to limit its abundance and production, making it an appealing candidate for restoration. However, its vulnerability to predation and life history characteristics make it less reliable than other bivalve species for mitigating a loss of primarily more robust species.
Effectiveness of bivalve restoration
Owing to their fishery value and successful use in aquaculture, technologies have been developed to allow artificial propagation of bivalves in hatcheries and subsequent growth in nurseries to a size appropriate for introduction into the field. Thus, stocking of bivalves is feasible, although most reliably and inexpensively for those species whose seed is commercially produced in existing hatcheries, e.g. hard clams, oysters, soft-shell clams, and bay scallops. Surf clams are not commercially raised for aquaculture, but they too should present few challenges given their close taxonomic and ecological similarities to hard clams. Stocking shellfish with seed holds the promise of enhancing abundance and production for species whose settlement is limited by spawning stock biomass or whose abundance is controlled by high mortality during the early post-settlement life stage. Bivalve seeding would not immediately restore the full size and age distribution of the bivalve losses from the oil spill. In addition, successive stocking over several years may be necessary to avoid or counteract any induced densitydependent mortality from predators targeting a rich new food resource. Despite this potential for compensatory mortality to reduce or eliminate the stocking effort, there are good examples of the success of such bivalve seeding (e.g. Beal 1993 , Peterson et al. 1995 . For shellfish species that have been depleted by overharvest, the benefits of stock enhancement by seeding would be expected to continue for successive generations, especially if the seed areas were protected as spawner sanctuaries. Consequently, this option of seed stocking from hatcheries has many advantages and was included in the 'North Cape' oil spill restoration plan (NOAA et al. 1999 , available at www.darp.noaa. gov/neregion/ncape.htm).
Transplantation of larger bivalves into an impacted area could enhance abundance at the impact site, but potentially induces an equivalent loss at the donor area. Nevertheless, there are multiple scenarios by which transplantation, which is readily tolerated by soft-sediment bivalves (e.g. Peterson et al. 1996) , could enhance net production. For those species whose spawning stock biomass limits recruitment and ultimate population size, transplantation into a spawner sanctuary could serve to increase population abundance and production (e.g. Peterson & Summerson 1992) . To avoid a loss at a donor area, the adults chosen for transplantation could be purchased from the fishery markets. Nevertheless, to enhance net production, the spawner sanctuary would need to be protected from human exploitation and located in an area that is a viable source site (Crowder et al. 2000) from which larvae would be effectively transported to habitat now depleted by exploitation .
If relief from recruitment limitation is not the objective, there are alternative scenarios whereby bivalve transplantation may enhance production. For example, if the species suffers depressed individual growth rates at the donor site because of density-dependent competition or otherwise suboptimal growth conditions, then transplantation to the impact area could enhance production by increasing individual growth rates. For the suspension-feeding bivalve molluscs of estuarine and coastal marine soft sediments, however, competition for resources is only rarely an important determinant of individual growth, especially in today's conditions of enhanced eutrophication (Peterson & Beal 1989) .
In considering bivalve restoration options for the 'North Cape' case, plans for dredging in the nearby Providence River involved an unmitigated loss of many hard clams, which could serve as donor individuals for transplantation into the oil-impacted area. However, mitigation for this dredging activity itself is indicated, as the clams in the dredged area are public trust resources. Such a mitigation for dredging impacts on Dungeness crab was pursued in Grays Harbor, Washington, using similar restoration scaling methods involving demographic modeling (Wainwright et al. 1992 , Dumbauld et al. 1993 . The restoration was to provide structural habitat (shell reef) as juvenile nursery area, resulting in a net gain in crab numbers equivalent to those lost via the dredging.
For several benthic bivalves, evidence is compelling that habitat destruction and modification has reduced their productivity. Shell reef (Luckenbach et al. 1999 , Breitburg et al. 2000 , O'Beirn et al. 2000 and seagrass (Fonseca et al. 1998 ) have been restored in many areas to enhance productivity. However, there is no evidence or even indication that surf clams, the species that suffered the vast majority of the injury from the oil spill, are limited by habitat quantity or quality.
For the large majority of species that are targets of commercial fisheries, fishing exploitation occurs at such high levels that their productivity is depressed (Botsford et al. 1997 , Pauly et al. 1998 ). Thus, one very effective restoration action for such species would be to reduce fishing pressure. The detailed models already produced to guide fisheries management provide methods for scaling the reduction in fishing to match the quantitative injury estimate. Furthermore, data already maintained on fisheries landings could be used to monitor the effectiveness of the actions taken to reduce fishing pressure such that adaptive corrections could be employed to insure full compensation. However, limitation of bivalve catches as a restoration action would entail a loss of human use and economic losses to the industry. The restoration chosen should not in principle pass on new injuries and costs without applying restoration funds to compensate for these new injuries. The public's use of the resource is compensated by the restoration itself, and the discounting effectively includes the paying of interest for the delay in repayment of services. However, lost profits by private parties are not necessarily compensated. Such compensation of private parties may pose legal barriers, depending on legislation constraining restoration, and would incorporate the need to determine how the injury is distributed across each fishing entity. Documentation of who truly suffered this injury and to what degree would represent a challenging task.
CONCLUSIONS
Our quantitative calculations of production gains achievable through bivalve restoration are best viewed as hypotheses to be tested. There is substantial uncertainty associated with such projections. In mitigating for environmental injuries, uncertainty is often handled by requiring the scale of mitigation to exceed what is necessary to replace the loss by some mitigation ratio that increases with uncertainty. For example, ratios of 2 to 3 acres of restoration for each acre of salt marsh lost are common (Thayer 1992) . Alternatively, monitoring can be done to confirm the effectiveness of any restoration action when combined with any subsequent intervention if necessary to replace lost public trust resources. Choosing this alternative would provide for empirical tests of the accuracy of the modeling done to scale the restoration projects and thus lead to improved understanding of the basic demographic processes and reducing uncertainty in future applications.
We developed our quantitative scaling of bivalve restoration purely on the basis of production. We justify that choice on grounds that it represents one important ecosystem process that correlates well with the ecosystem services of water filtration and biogeochemical processing of materials (Kremer & Nixon 1978 , Newell 1988 . Nevertheless, compensatory restoration might benefit from more extensive identification and quantification of the full range of ecosystem services provided by bivalves (and other groups) so that restoration projects could be designed to replace the actual ecosystem functions that were damaged or lost. Perhaps the greatest failure of an approach based on production alone is the absence of a constraint on the size class(es) in which the replacement production is to occur. Small bivalves have great value as prey for higher trophic levels, so if restoration were to involve only larger individuals, then the function of transfer of energy up the food chain may not be adequately restored. In addition, the implicit treatment of all suspension-feeding bivalves as functionally equivalent can be challenged. Here, surf clams occupy an entirely different habitat, the coastal ocean, than oysters, softshell clams, and bay scallops, which live in the protected estuarine waters. Thus, their ecosystem contributions are made to different systems, where they may not be of equal value or importance. Furthermore, assumptions of equivalence in value of ecosystem services across species of bivalves can lead to decisions to use but one species to restore losses of many. In the 'North Cape' oil spill example used here, this is not an issue because the vast majority of the injury occurred to a single species. However, future application of this approach to situations where several species contributed heavily to the injury raises concern over maintaining biodiversity within the ecosystem. Sustaining biodiversity is an important goal of environmental conservation (Wilson & Peters 1988) . Current theory and empirical data tend to support the view that redundancy of species within functional groups provides greater stability of functions like production under varying environmental conditions (Naeem et al. 1994) . Embracing that principle in restoration of ecosystem services would imply more diverse efforts spread among several species rather than the choice of a single most cost-efficient, expedient, or reliable species.
